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a b s t r a c t
The impacts of the carbon source (sodium acetate, ethanol) and C/N ratio (1.0, 3.0, and 5.0) on 
nitrogen removal and membrane fouling behavior were investigated using a denitrifying mem-
brane bioreactor (DNMBR) treating nitrate-rich wastewater. The results showed that the C/N ratio 
showed a more significant impact on the process performance than the carbon source. The nitrogen 
removal efficiency (NRE) was slightly higher when employing sodium acetate as the electron donor 
at different C/N ratios. The nitrogen removal improved with an increase in the C/N ratio due to 
the increased specific degradation rate of NO3

––N (SDRNO3
––N); the NRE increased from 24.43% and 

13.23% at a C/N ratio of 1.0% to 97.79% and 96.46% at a C/N ratio of 5.0 for the sodium acetate 
and ethanol systems, respectively. The fouling rate accelerated due to decreased particle size and 
increased metabolic production, which resulted in the deterioration of sludge rheological properties 
and dewaterability with an increase in the C/N ratio. The membrane fouling rate with sodium ace-
tate supporting the DNMBR was lower than that of the ethanol system at different C/N ratios, which 
was attributed to different fouling mechanisms. The high (>100 kDa) carbohydrate molecular weight 
fraction of soluble microbial production played an important role in membrane pore-blocking in 
the sodium acetate system. For the ethanol system, the high (>100 kDa) molecular weight protein 
fraction of extracellular polymeric substances and smaller-sized particles formed a denser cake layer. 
Fourier transform infrared analysis showed the carbohydrate-like and protein-like substances were 
the main membrane foulants throughout the entire operation.
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1. Introduction

Nitrate pollution in water bodies is a global concern. 
Excessive nitrate discharge can stimulate eutrophication in 
a slow-flow water body, which can lead to the deteriora-
tion of water quality and pose a potential threat to human 
health [1,2]. To enhance nitrate removal, different processes 
have been developed, such as electrochemical [3], chemical 

catalytic [4], and biological denitrification [5]. Among them, 
biological denitrification is a relatively economical, highly 
efficient, and stable technology for sewage treatment. 
Biological denitrification technology refers to the process 
that converts nitrate or nitrite into dinitrogen by a class of 
functional bacteria employing a carbon source as an electron 
donor under anoxic conditions. The specific bioreactions 
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(here using methanol as the carbon source) are shown in 
Eqs. (1) and (2):

6NO + 2CH OH 6NO + 2CO + 4H O3 3 2 2 2
− −→  (1)

6 3 3 3 6 32 3 2 2 2NO CH OH N H O + OH CO− −+ → ↑ + +  (2)

It can be inferred that the external carbon source is an 
important factor affecting denitrification efficacy. A few 
studies have shown that the types of carbon source and C/N 
ratios significantly affect biological denitrification [6]. Low 
molecular weight organic matter (e.g., short-chain acids, 
alcohols, glucose, and digestion supernatant from the pri-
mary sedimentation sludge or wasted sludge) have been 
utilized as carbon sources for biological denitrification [7,8]. 
Biodegradable polymers and solid organic carbon sources 
have been attempted as electron donors for denitrification 
[9,10]. Sodium acetate and ethanol are two typical carbon 
sources, which are usually employed as the electron donors 
for the denitrification process in the practical wastewater 
treatment. Due to the discrepancy of their chemical molec-
ular structures, it can be inferred the utilizing pathways of 
these two carbon sources by microorganisms are different, 
which may affect the nitrogen metabolism processes and 
the denitrification efficacies. However, limited compara-
tive research focus on the nitrate removal performance and 
metabolic pathway using these two carbon sources have 
been reported. Shen et al. [9] reported that nitrate removal 
efficiency was improved by 26.3% using ethanol as the car-
bon source compared with that of starch/polylactic acid 
(SPLA9). Ge et al. [11] found that carbon sources signifi-
cantly impacted nitrate removal and observed evident nitrite 
accumulation at low C/N ratios (C/N ≤ 1.0). Consequently, 
it is essential to optimize carbon source selection and the 
C/N ratio to obtain the desired nitrate removal efficiency for 
biological denitrification.

Some novel bioprocesses have achieved favorable per-
formance. Xu et al. [12] used a lab-scale pack-bed bioreactor 
to treat nitrate-rich wastewater and results showed that 92% 
and 79% of nitrate could be removed at a C/N ratio of 3.6 
for glucose and sodium acetate systems, respectively. Hao 
et al. [13] employed a three-dimensional biofilm electrode 
reactor (3D-BER) for denitrification of simulated municipal 
wastewater treatment plant effluent and a nitrate removal 
of 98.3% was obtained at a C/N ratio of 3.0 and a hydrau-
lic retention time (HRT) of 7 h. Moreover, some researchers 
utilized membrane bioreactors for the cultivation of denitri-
fying bacteria to enhance nitrate removal [14]. Compared 
with other bioprocesses, membrane bioreactors can achieve 
complete retention of denitrifying bacteria, thereby achiev-
ing higher process efficiency and lower sludge yield, which 
has advantages in enhancing biological nitrate removal [15].

However, fouling behavior will inevitably occur when a 
membrane bioreactor is utilized to enhance biological nitrate 
removal. For anoxic-membrane bioreactors (AnoMBRs)/
denitrifying membrane bioreactors (DNMBRs), membrane 
fouling behavior characteristics, and mechanisms are sig-
nificantly different from that of aerobic or anaerobic mem-
brane bioreactors. This is attributed to different biological 
metabolic pathways of the microorganisms resulting from 

different redox environments, thereby affecting sludge fil-
terability [16]. During denitrification, microorganisms are 
more prone to generate metabolic activity. Denitrification 
can induce variation in the physicochemical/biochemical 
properties of the activated sludge, such as for the disinte-
grated floc and particle size, that can directly impact the 
membrane fouling behavior. Therefore, given that the dis-
crepancy of the metabolic pathways using acetic acid and 
ethanol as carbon sources, different sludge characteristics 
can be induced, thereby resulting in diverse sludge filter-
ability and biofouling potentials. To date, the systemic 
effects of the carbon source (sodium acetate and ethanol) 
and C/N ratio on membrane fouling behaviors in DNMBRs 
have rarely been reported. McAdam et al. [16] studied the 
effects of different substrates on the fouling behavior char-
acteristics for an anoxic process and showed that the sludge 
floc has strong shear resistance and good filterability when 
ethanol was used as the carbon source, but the C/N ratio 
was not explored. Hao et al. [17] reported that the C/N ratio 
was an important factor controlling the membrane fouling 
behavior in an aerobic membrane bioreactor (MBR). Given 
the differences between aerobic and anoxic MBR processes, 
it can be speculated that the C/N ratio will have a significant 
influence on denitrification, thereby the membrane fouling 
behavior and can be taken as a controlling parameter to 
optimize a DNMBR.

In this study, sodium acetate and ethanol were 
employed as the external carbon sources to enhance denitri-
fication in a DNMBR and the impacts of the carbon source 
and C/N ratio on the process performance were evalu-
ated. Also, the membrane fouling behavior characteristics 
were investigated, and the changes in physicochemical/
biochemical properties of the activated sludge analyzed. 
This study provides theoretical guidance and technical 
support for the improvement of biological denitrification 
and the sustainable operation of a DNMBR.

2. Materials and methods

2.1. Experimental set-up and operational conditions

The bench-scale DNMBR plant (Fig. 1a) comprised a 
rectangular bioreactor (total volume 58 L), an anoxic tank 
(65.5% of the total volume) with a mechanical mixer, fol-
lowed by a membrane tank (34.5%) with one hollow fiber 
membrane (polyvinylidene fluoride; pore size: 0.04 μm; 
surface area: 0.4 m2, Hangzhou Mina, China). A pH/DO/oxi-
dation reduction potential (ORP) sensor (WTW Multi 3420i, 
Germany) was fitted to monitor the pH/DO/ORP levels in 
the anoxic membrane tank. The temperature was maintained 
at 20°C–23°C by a heater. The plant was provided with a 
programmable logic controller (PLC) and a data acquisition 
system that controlled the flows of all the streams. The mem-
brane was operated at a constant flux of 18 L/(m2 h), with 
an intermittent backflushing (9 min suction and 1 min back-
flushing). Wastewater was pumped from the storage tank 
to the elevated tank, followed by the anoxic tank, the mem-
brane tank, and finally pumped out through the membrane 
element. The hydraulic backflushing was demonstrated 
through the backflushing pump using the membrane per-
meate from the effluent tank at a flux of 22 L/(m2 h). The 
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membrane surface was air-scoured intermittently (10 s on, 
10 s off) using coarse-bubble aerators, placed 100 mm below 
the membrane element channels, operating at an overall 
specific aeration demand (SADm) of 0.05 Nm3/(m2 h). The DO 
concentration in the biological tank was kept at 0.2–0.5 mg/L 
during the entire operation. The HRT was 8.0 h and a target 
sludge retention time (SRT) of 20 d was maintained through 
direct discharge of waste sludge from the membrane tank. 
The mixed liquor suspended solids (MLSS) concentration 
in the membrane tank was maintained at approximately 
3,500 mg/L. The fouled membrane element was taken out 
from the aerobic tank, flushed with pure water, and soaked 
in NaClO solution (0.5%) for 24 h, to recover the membrane 
permeability at the end of each cycle.

2.2. Characteristics of feeding wastewater and inoculated sludge

Synthetic wastewater was used as the substrate. The 
nitrate and organic matter originated from KNO3 and 
sodium acetate or ethanol, respectively. The C/N ratio was 
defined as the chemical oxygen demand (COD)/NO3

––N 
ratio in the influent. The influent concentrations of nitrate 
and organic carbon were regulated according to the require-
ments of the experiment, as detailed in Table 1. The other 

components included NaHCO3 (1.0–1.25 g/L), KH2PO4 
(0.025 g/L), MgSO4·7H2O (0.2 g/L), CaCl2·2H2O (0.3 g/L), 
and FeSO4 (0.006 g/L) trace element solution I (1 ml/L), and 
a trace element solution II (1 mL/L). Trace element solu-
tion I contained ethylene diamine tetraacetic acid (EDTA) 
(5.0 g/L) and FeSO4·7H2O (5.0 mg/L). The trace element solu-
tion II contained EDTA (15.0 g/L), ZnSO4·7H2O (0.43 g/L), 
CoCl2·6H2O (0.24 g/L), MnCl2·4H2O (0.99 g/L), CuSO4·5H2O 
(0.25 g/L), Na2MoO4·2H2O (0.22 g/L), NiCl2·6H2O (0.19 g/L), 
Na2SeO4·10H2O (0.21 g/L), and H3BO3 (0.014 g/L). The inoc-
ulated sludge was taken from the east wastewater treat-
ment plant of Handan, Hebei Province, which employs a 
T-type oxidized ditch process, achieving satisfactory bio-
logical nitrogen removal. After one week of sludge acclima-
tion, a stable performance was achieved and experiments 
commenced according to the influent setting requirements.

2.3. Analytical methods

2.3.1. Wastewater and sludge analysis

COD, NH4
+–N, NO3

––N, NO2
––N, TN, and MLSS were 

measured according to standard methods [18]. The pH, 
DO, ORP, and temperatures were determined by a multipa-
rameter sensor (WTW Multi 3420i, Germany). The sludge 
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Fig. 1. Schematic diagram of (a) the DNMBR process, (b) the sequencing batch reactor, and (c) the stirred batch cell system.
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viscosity was measured using a viscometer (Brookfield 
DV2T, USA) with a V71 rotor at a rotating speed of 50 rpm; 
the capillary suction time (CST) was measured using a 
portable CST instrument (Hangzhou Dealfine DFC-10A, 
China); the particle size distribution of the activated sludge 
from the membrane tank was measured using a Mastersizer 
counter (Marlvern 2000, UK).

Total nitrogen (TN) was calculated by the sum of ammo-
nia, nitrite, and nitrate. Nitrogen removal efficiency (NRE), 
nitrogen loading rate (NLR), nitrogen removal rate (NRR), 
COD removal efficiency (CRE), COD loading rate (CLR), and 
COD removal rate (CRR) were calculated with the following 
equations:

NO N
NO N NO N

NO NRE
Inf Eff

Inf
3

3 3

3

100−
− −

−
− =

− − −
−

× %  (3)

NRE
TN TN

TN
Inf Eff

Inf

=
−

×100%  (4)

NLR
TN
HRT

Inf=  (5)

NRR
TN TN

HRT
Inf Eff=
−  (6)

CRE
COD COD

COD
Inf Eff

Inf

=
−

×100%  (7)

CLR
COD
HRT

Inf=  (8)

CRR
COD COD

HRT
Inf Eff=
−

 (9)

where NO3
––NInf, TNInf, and CODInf are the concentrations 

of NO3
––N, TN, and COD in the influent, respectively; 

NO3
––NEff, TNEff, and CODEff are the concentrations of NO3

––N, 
TN, and COD in the effluent, respectively; HRT is the 
hydraulic retention time (d).

2.3.2. Analysis of the activities of the functional bacteria

Sequencing batch tests were conducted with 250 mL 
serum flasks, as shown in Fig. 1b. First, the activated sludge 
was collected from the anoxic tank and washed using 
deionized water for residue removal. Then, the serum flask, 
to which 100 mL sludge and 150 mL of a prepared matrix 
(as detailed in Table 2) were added, was placed on a mag-
netic stirrer (500 rpm) with high purity nitrogen blown in 
to remove the dissolved oxygen when the activity tests of 
denitrification were performed. The control temperature 
was maintained at 25°C ± 1°C. The NO3

––N, NO2
––N, and 

NH4
+–N concentrations in the supernatants of the serum 

flasks were determined. The DNB activity was character-
ized by evaluating specific degradation rates of NO3

––N 
(SDRNO3

––N, mg N/(mg MLSS d)) and NO2
––N (SDRNO3

––N, 
mg N/(mg MLSS d)), respectively. The specific accumu-
lation rate of NO2

––N (SARNO2
––N, mg N/(mg MLSS d)) 

and ammonia (SARNH4
+–N, mg N/(mg MLSS d)) were also  

determined.

2.3.3. Evaluation of membrane fouling rate and 
fouling resistance

The trans-membrane pressure (TMP, kPa) data was 
calibrated by the standard temperature (θ, 20°C), as defined 
in Eq. (10):

TMP TMP 0.023 20= −( )
θ

θe  (10)

The membrane fouling rate (Fr, (L/(m2 h2 kPa)) was 
defined as the permeability decline rate and was calculated 
according to Eq. (11):

Fr
TMP TMP

=
⋅
−

⋅
J
t

J
t

e

e

i

i

 (11)

where Ji and TMPi are the membrane permeation flux and 
e the trans-membrane pressure at the beginning of each run-
ning cycle; Je and TMPe are the membrane permeation flux 
and trans-membrane pressure at the end of each running 
cycle; and t is the duration of each running cycle.

Membrane resistance was analyzed based on Darcy’s 
law, as shown in Eq. (12):

Table 1
Influent characteristics during different operational phases

Sodium acetate Ethanol

I II III IV V VI

Times (d) 0–15 16–30 31–45 46–60 61–75 76–90
pH 7.57 7.65 7.63 7.58 7.62 7.69
COD (mg/L) 31.8 97.1 153.2 33.2 98.9 164.6
NO3

––N (mg/L) 31.9 32.5 30.7 33.6 32.9 32.9
C/N ratio 1.0 3.0 5.0 1.0 3.0 5.0
CLR (kg/m3 d) 0.10 0.29 0.46 0.10 0.30 0.49
NLR (kg/m3 d) 0.09 0.10 0.09 0.10 0.10 0.10

Average values of the experimental data are presented in the table.
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J
R R R R R Rt f m c p m

= TMP = TMP = TMP
µ µ µ+( ) + +( )

 (12)

where Rt is the total hydraulic resistance, Rm is the mem-
brane resistance, Rc is the cake layer resistance, Rp is the 
pore-blocking resistance, μ is the dynamic viscosity of the 
permeate, and J is the membrane permeate flux. Each resis-
tance was determined according to the following experi-
mental procedures: Rm was computed by measuring the flux 
and TMP of tap water using a new hollow fiber membrane; 
Rt was evaluated from the final data after biomass ultrafil-
tration; the cake layer on the membrane surface was wiped 
with a sponge and simultaneously flushed by tap water, and 
the membrane was then submerged in tap water to obtain 
flux and TMP data to calculate Rm + Rp. Then Rc and Rp were 
determined by subtraction according to Eq. (11).

2.3.4. Extraction and analysis of extracellular polymeric 
substances and soluble microbial production

The extraction of extracellular polymeric substances 
(EPS) and soluble microbial production (SMP) was based 
on a heating method [19]: 50 mL sludge mixture was 
taken and centrifuged at 5,000 × g for 5 min, at 4°C. Next, 
SMP was obtained by filtering the supernatant through a 
0.45 μm membrane filter. After that, the sludge pellets were 
resuspended to their original volume, using a buffer con-
sisting of 2 mM Na3PO4, 4 mM NaH2PO4, 9 mM NaCl, and 
1 mM KCl, at pH 7.0. Subsequently, the sludge suspension 
was heated in an oven for 2.0 h at 105°C and was then cen-
trifuged at 12,000 × g for 15 min at 4°C to remove remaining 
floc components. EPS was obtained by filtering the super-
natant through a 0.45 μm membrane filter. The EPS and 
SMP were normalized as the sum of carbohydrates and pro-
teins, whose concentrations were determined using the mod-
ified Bradford method with bovine serum albumin as the 
standard and the anthrone–sulfuric acid colorimetric method 
with glucose as the standard, respectively [20]. The molecular 
weight of EPS and SMP were fractioned by a series of ultra-
filtration membranes (1,10, and 100 kDa, Millipore, USA) 
using a stirred cell at a constant pressure of 30 kPa (Fig. 1c).

2.3.5. Membrane foulant extraction and FT-IR analysis

The fouled membrane element was taken out from the 
membrane tank and flushed with pure water at the end of 
each running cycle. Approximately 300 mL washed liquid 
was taken and placed in a dryer at 105°C for 24 h, to obtain 
dry foulants. KBr pellets containing 0.5% (dry powder) of 

the sample were prepared, then the major functional groups 
of foulants samples were characterized using a Fourier 
transform infrared spectrometer (FT-IR Affinity-1, Japan). 
The spectrum was calculated as the average of 256 scans, 
with the wave number ranging from 4,000 to 400 cm–1, at a 
resolution of 4 cm−1, and the detected data were processed 
with OriginPro 8.0.

3. Results and discussion

3.1. Process performance

3.1.1. Different carbon sources and C/N ratios on the 
denitrification performance

The effects of different carbon sources and C/N ratios 
on the denitrification performance are depicted in Figs. 
2a and b. It can be seen that similar nitrate removal trends 
were exhibited in sodium acetate and ethanol systems. 
The average nitrate removal efficiency was only 28.50%, 
with an effluent concentration of 22.80 mg/L at a C/N 
ratio of 1.0 (phase I) in the sodium acetate system. This 
was attributed to the insufficient carbon source as electron 
donors for heterotrophic denitrification [21]. Meanwhile, 
even lower nitrate removal (23.58%) was obtained in the 
ethanol system (phase IV). However, similar COD con-
sumption (30.34–31.73 mg/L) and CREs (95.5%–95.6%) 
were achieved in both systems during phases I and IV. This 
suggests that denitrifiers could promptly adapt to the two 
carbon sources and were able to carry them directly for 
denitrification metabolism. Additionally, the average nitrite 
concentration was 0.78 mg/L in both systems, indicating 
inconspicuous nitrite accumulation that may be the result 
of the relatively long HRT during the operations [22].

With the increase in the C/N ratio to 3.0 (phases II and 
V), the nitrate removal efficiency reached 96.10% and 95.58% 
stably after 2 d adaptation, with nitrate concentration sharply 
decreasing to 1.26 and 1.46 mg/L in the sodium acetate and 
ethanol systems, respectively. The average COD consump-
tion rose to approximately 93.00 mg/L in both systems. Stable 
NRE of 95.64%, NRR of 0.09 kg/(m3 d), and CRR of 0.28 kg/
(m3 d) were obtained at C/N ratio of 3.0% and 25.89%, 0.03 kg/
(m3 d), and 0.09 kg/(m3 d) at C/N ratio of 1.0 in the sodium ace-
tate system. For the ethanol system, the NRE, NRR, and CRR 
increased by 76.04%, 0.07 kg/(m3 d), and 0.18 kg/(m3 d) at C/N 
ratio of 3.0 from those at the C/N ratio of 1.0. Moreover, in the 
sodium acetate system, pH increased from 8.08 (effluent) at 
C/N ratio of 1.0–8.42 (effluent) at C/N ratio of 3.0 under the 
condition of influent pH in the range of 7.57–7.65, which was 
similar as the pH trends (from 7.99 to 8.49) in the ethanol 
denitrification system. Normally, the pH value increase after 
the denitrification bioreaction due to the alkalinity produc-
tion, which make it as an denitrification indicator. A higher pH 
value in the effluent usually indicates a more thorough denitri-
fication performance to achieve a relative higher NRE. The 
increased pH values (effluent) at a C/N ratio of 3.0 in both sys-
tems proved that the denitrification processes were demon-
strated more completely with the supplements of electron 
donors. These results also strongly suggest that the increase 
in the C/N ratio could significantly improve nitrate removal 
in a DNMBR. According to the process bioreaction, the the-
oretical amount of COD needed for complete denitrification 

Table 2
Substrates of the sequencing batch tests

Functional bacteria DNBNO3
––N DNBNO2

––N

NH4
+–N (mg/L) 0 0

NO2
––N (mg/L) 0 30

NO3
––N (mg/L) 30 0

COD (mg/L) 30–150 30–150
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is 2.86 g COD/g NO3
––N. The actual COD consumption for 

the denitrification was 3.30 and 3.34 g COD/g NO3
––N in the 

sodium acetate and ethanol systems, respectively, which was 
higher than the theoretical value. This may result from the 
carbon oxidation process by other heterotrophic bacteria 
induced by dissolved oxygen (DO) in the influent.

With a further increase in the C/N ratio to 5.0 (phases 
III and VI), there was only a slight increment of 1.83% and 
2.16% in nitrate removal efficiency and NRE than those at a 
C/N ratio of 3.0 in the sodium acetate system. For the eth-
anol system, a similar increasing trend was obtained with 
an increase of 1.45% and 2.66% for the nitrate removal effi-
ciency and NRE, respectively. The pH value finally rose to 
8.77 and 8.67 in the sodium acetate and ethanol systems. 
These results suggested with an increase of 2.0 in the C/N 
ratio there was a slight enhancement of nitrate removal 
with a CRR of 0.44 and 0.47 kg/(m3·d) obtained in sodium 
acetate and ethanol systems, respectively. Furthermore, 
the possible critical transition was revealed for nitrate 
removal at a C/N ratio of 3.0 in both systems, which was 
further shown by correlation between the C/N ratio and 
NRE, as shown in Fig. 2c. An evident turning point was 
observed at the C/N ratio of 3.0, indicating the signifi-
cant boundary of the NRE increment with the increase in 
the C/N ratios. Lognormal fittings can also be employed 
for the NRE prediction model (the formulas expressed 
as Eqs. (13) and (14)) for the expected increase in the  
C/N ratio.

In summary, the carbon source and C/N ratio were two 
significant affecting factors for the nitrate removal with the 
latter outweighing the former. Generally, it is speculated 
that complete denitrification can be achieved without nitrite 
and ammonia accumulation. Notably, effluent ammonia 
concentration (0.01–0.05 mg/L) was lower in the sodium 
acetate than that (0.16–1.18 mg/L) in the ethanol supported 
system, which can be attributed to the variant functional 
genes induced by the different carbon sources result-
ing in the discrepancies of nitrate removal pathways [12]. 
Srinandan et al. [23] reported that ammonia accumulates 
through the dissimilatory nitrate-to-ammonia (DNRA) pro-
cess by employing ethanol and glucose as electron donors. 
Therefore, it is vital to choose the appropriate carbon source 
to constrain the DNRA pathway to achieve better nitrogen 
removal performance.
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3.1.2. Functional bacteria activity and denitrification 
pathways

The functional bacteria activities were further assessed 
to explain the variations in the process performance during 
different operational phases, as presented in Fig. 3a. 
SDRNO3

––N increased from 0.041 mg/(mg MLSS d) to 0.226 mg/

(mg MLSS d) with the C/N ratio increasing from 1.0 to 5.0. In 
the ethanol system, a similar increasing trend of SDRNO3

––N of 
0.032–0.219 mg/(mg MLSS d) was observed, indicating that 
the increase in the electron donors promoted the functional 
bacteria activities in the DNMBR. Meanwhile, SDRNO3

––N was 
always higher in the sodium acetate systems under var-
ious C/N ratios, which was in agreement with the nitrate 
removal efficiency during different operational phases. 
This was attributed to the shorter metabolic pathway using 
sodium acetate as the carbon source, in which the sodium 
acetate could directly enter the tricarboxylic acid cycle by 
combining with coenzyme A to supply electrons and energy 
[24]. However, for methanol, it had to be converted into low-
weight molecular organic acids, such as acetic acid, before 
being utilized by the denitrifiers. Thus, from the view of met-
abolic processes, sodium acetate showed its inherent advan-
tage for the enhancement of nitrate removal. Furthermore, 
SARNO2

––N of 0.014 and 0.013 mg/(mg MLSS d) were observed 
in the sodium acetate and ethanol systems at the C/N ratio 
of 1.0, respectively. SARNO2

––N decreased with the C/N ratio, 
eventually to 0.001 mg/(mg MLSS d) in both systems, reveal-
ing the nitrite accumulation during denitrification was more 
dependent on the C/N ratio. SDRNO2

––N values were slightly 
larger than those of SDRNO3

––N at a low C/N ratio of 1.0, 
whereas this trend vanished with higher C/N ratios. This 
could be explained by the temporary repression of nitrite 
reductase from over-competition with nitrate reductase for 
electrons at low C/N ratios [25]. The nitrite accumulation 
resulting from the inhibited nitrite reduction rate during the 
denitrification process can be eliminated if enough electron 
donors are offered. The positive linear correlations between 
the C/N ratio and SDRNO3

––N and SDRNO2
––N are illustrated in 

Figs. 3b and c, which suggests the internal rules of C/N 
ratio in affecting functional bacteria activities.

Additionally, the ethanol system showed ammonia 
accumulations with SARNH4

+–N in range of 0.001–0.007 mg/
(mg MLSS d), which was not seen in the sodium acetate 
system. This suggested the carbon source types signifi-
cantly affected ammonia accumulations, possibly result-
ing from the differences in microbial community structure 
and denitrification functional genes [26], which needed 
further study. It seemed that ethanol would induce DNRA 
corresponding to the higher effluent NH4

+–N concentration, 
which is consistent with Yang et al. [27]. Xu et al. [12] also 
reported that higher proportions of functional genes (NirB, 
NirD, NrfH, and NfrA) were the main causes of ammonia 
accumulation in the DNRA.

In summary, the carbon source and C/N ratio had a 
great influence on functional bacteria activity and denitrifi-
cation pathways. Complete denitrification was observed and 
results suggest that immediate or dissimilatory products are 
minimized to achieve the higher nitrogen removal levels.

3.2. Membrane fouling

3.2.1. Membrane fouling behaviors

The evolution of TMP and flux during different opera-
tional phases is shown in Fig. 4a. The membrane module was 
taken out of the membrane tank to demonstrate the off-line 
chemical cleaning to recover the membrane permeability 
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when the DNMBR reached the TMP limit (50 kPa) or the 
ending point of the operational period. It was observed that 
the membrane fouling rate increased with the C/N ratio 
for both sodium acetate and ethanol systems. The mem-
brane fouling rate was higher (0.23–0.55 L/(m2 h2 kPa)) in 
the ethanol system than that (0.14–0.39 L/(m2 h2 kPa)) of 
the sodium acetate system. Typical apparent features of 
membrane fouling when reaching the TMP limit are pre-
sented in Fig. 5 distinct membrane fouling behaviors during 
different operational phases. These discrepancies could 
be the result of the variations in the distributions of mem-
brane fouling resistances, as detailed in Fig. 4b. The deep 
pore-blocking played a dominant role (49.6%–71.9%) in the 
membrane fouling resistance in the sodium acetate system. 
Conversely, the contribution ratio of bio-cake (20.2%–75.5%) 
in the ethanol system was higher than that of the sodium 

acetate system and was the leading factor for the membrane 
fouling behavior in phase VI. This revealed that there was 
a significant difference in the membrane fouling mecha-
nisms between sodium acetate and ethanol systems and 
possible reasons are suggested in the following sections.

3.2.2. Particle size distribution of activated sludge

The particle size distributions of the activated sludge 
from the membrane tank during different operational phases 
are presented in Fig. 6. It is well-known that particle size is a 
key parameter affecting the membrane fouling behaviors in 
various MBR processes [28,29]. Normally, the smaller sludge 
floc would easily adhere to the membrane surface and com-
bine with the biopolymers to form a dense cake layer, thus 
decreasing the porosity and permeability of the membrane 
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Fig. 3. (a) Activities of the functional bacteria during different operational phases, correlations of (b) SDRNO3
––N, and (c) SDRNO2

––N in 
the sodium acetate and ethanol systems.
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module [30]. The floc size was influenced by the different 
carbon sources and C/N ratio-induced denitrification pro-
cesses. The average particle size decreased from 62.3 μm 
at a C/N ratio of 1.0–51.5 μm at a C/N ratio of 5.0 in the 
sodium acetate system, which was attributed to the floc 
disintegration effects during the enhancement of nitrate 
removal. Wang et al. [31] reported that the increased shear 
forces induced by dinitrogen productions during denitrifi-
cation lead to sludge disintegration, thus producing larger 
fractions of smaller particles in mixed culture. Similarly, the 

ethanol system showed a decreasing trend of average particle 
size from 53.9 to 49.6 μm at the corresponding C/N ratios. It 
should be noted that the average floc size was larger in the 
sodium acetate system than in the ethanol system, perhaps 
because different carbon sources induced the microbial com-
munity structure shift, which exhibited their unique floccu-
lation and anti-disintegration capabilities when exposed to 
shear stress. Thus, the variations in the particle size distri-
butions were a combined consequence of the demonstrated 
shear forces and sludge anti-disintegration behaviors.
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Fig. 5. Features of the membrane module reaching the TMP limit during different operational phases.
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3.2.3. EPS and SMP production

The large differences in metabolic production asso-
ciated with the content and composition of EPS and SMP 
were observed during different operational phases, as is 
illustrated in Figs. 7a and b. It has been generally considered 
that EPS and SMP act as the fouling indicators in membrane 
bioreactor processes, where EPS plays a vital role in the for-
mation of the cake layer, and SMP is regarded as the main 
cause for the deep pore-blocking [32]. Interestingly, the 
EPS content was lower in the sodium acetate system than 
that of the ethanol system, whereas the SMP content was 

higher in the former. These findings are possibly attributed 
to the difference in the metabolic pathways during denitri-
fication employing different carbon sources. More specif-
ically, the EPS content increased from 22.13 to 30.62 mg/g 
in the sodium acetate system, much lower than that of the 
ethanol system (31.35–32.72 mg/g). The carbohydrate frac-
tion of EPS (EPSc)/the protein fraction of EPS (EPSp) ratio 
decreased from 1.18 in phase I to 0.87 in phase III, which 
indicated that the hydrophobic EPSp played an increasingly 
important role in bio-cake formation in the sodium acetate 
system. However, the EPSc content was lower than that of 
EPSp and the EPSc/EPSp ratio was relatively stable (in the 
range of 0.70–0.74) in phase IV–VI, which suggested the 
EPSp was the main contributor to the biocake resistance 
throughout. Comparatively, SMP content increased from 
104.1 to 145.5 mg/L, with a much higher the carbohydrate 
fraction of SMP (SMPc) (62.97–83.1 mg/L) in phases I–III. 
These results revealed SMPc was of great importance in 
contributing to the pore-blocking despite the SMPc/the 
protein fraction of SMP (SMPp) ratio decreasing from 1.53 
to 1.30 [33]. In contrast, SMP content was relatively sta-
ble (66.5–77.8 mg/L) with an SMPc/SMPp ratio increasing 
0.32–0.51 from phase IV to VI.

Also, the bimodal molecular weight distributions of 
EPS and SMP were observed during different operational 
phases and were similar to other experimental findings 
[34]. The sodium acetate and ethanol systems showed sim-
ilar molecular weight distributions for EPS and SMP, of 
which the fractions of EPS>100 kDa, SMP>100 kD, EPS<1 kDa, and 
SMP<1 kDa were approximately 38.9%, 30%, 42.0%, and 30.1%, 
respectively. The SMP, with a large molecular weight, 
would accumulated in the deep pores, thereby inducing the 
gel layer formation on the membrane surface [35], whereas 
the low molecular fractions could permeate through mem-
brane pores as the organic matter in the effluent. Thus, com-
bined with the results above, the SMPc>100 kDa fraction was 

1 10 100 1000 10000
0

1

2

3

4

5

6

7

8

9

V
ol

um
e 

(%
)

Size (μm)

Sodium acetate:    I           II           III
      Ethanol:           IV        V           VI

Fig. 6. Particle size distributions of the activated sludge during 
different operational phases.

0
2
4
6
8

10
12
14
16
18
20
22
24
26
28
30
32
34
36

E
PS

c/E
PS

p r
at

io

E
PS

 (m
g/

g)

Phases

EPSc :  <1kDa  1-10kDa  10-100kDa  >100kDa
EPSp :  <1kDa  1-10kDa  10-100kDa  >100kDa
EPS  :  <1kDa  1-10kDa  10-100kDa  >100kDa

(a) Sodium acetate                                 Ethanol

I               II              III              IV             V               VI
0.0

0.2

0.4

0.6

0.8

1.0

1.2

1.4
 EPSc/EPSp ratio

0
10
20
30
40
50
60
70
80
90

100
110
120
130
140
150
160

Sodium acetate                                    Ethanol(b)

SM
P c

/S
M

P p
 r

at
io

SM
P 

(m
g/

L
)

Phases

SMPc :  <1kDa  1-10kDa  10-100kDa  >100kDa
SMPp :  <1kDa  1-10kDa  10-100kDa  >100kDa
SMP  :  <1kDa  1-10kDa  10-100kDa  >100kDa

I               II              III             IV              V             VI
0.0

0.2

0.4

0.6

0.8

1.0

1.2

1.4

1.6

1.8

2.0
 SMPc/SMPp ratio

 
Fig. 7. Variation in the content and composition of (a) EPS and (b) SMP during different operational phases.



Z. Wang et al. / Desalination and Water Treatment 207 (2020) 86–9896

considered as the key pore-blocker for membrane fouling 
behavior in the sodium acetate system. Zhang et al. [36] also 
found that the SMP>100 kDa fraction aggravated the membrane 
fouling behavior through an adherence effect to block the 
membrane pores. Similarly, the large molecular weight frac-
tion of EPS (especially EPSp due to its predominant role in 
the EPS composition) was prone to attach on the membrane 
surface, which could combine with smaller flocs to form 
an evident biocake. It can be deduced that in an ethanol- 
supported system, EPSp>100 kDa exerted a marked impact on 
cake layer formation.

3.2.4. Variations in sludge viscosity and capillary suction time

To evaluate the impacts of carbons source and C/N 
ratio on the sludge filterability, the sludge rheology and 
dewaterability were further assessed with references to 
sludge viscosity and CST, as shown in Fig. 8. Normally, 
lower sludge viscosity and CST would improve the sludge 
filterability as well as membrane permeability. The sludge 
viscosity is influenced by various factors, such as tempera-
ture, microbial metabolic productions (SMP, EPS), and floc 
sizes [37,38]. It was reported that higher microbial produc-
tion and smaller particle size would result in higher sludge 
viscosity, thereby inducing the adherence of sludge par-
ticles on a membrane surface [39]. Similarly, higher CST 
could lead to greater separation difficulty of water from 
the activated sludge, which mainly results from the higher 
amount of EPS production [40]. It was observed that the 
sludge viscosity (20.78–21.15 mPa S) and CST (7.9–10.5 s) 
were lower in the sodium acetate system than those (20.82–
21.34 mPa S, 8.2–11.6 s) of the ethanol system at different 
C/N ratios, respectively, which indicated that better sludge 
filterability was obtained in the former. Additionally, the 
best and worst sludge filterability was achieved in phase I 
and VI, corresponding with the observed lowest and high-
est fouling rates, respectively.

3.2.5. FT-IR analysis of membrane foulants

The infrared spectra of the functional groups of the 
membrane foulants during different operational phases 
are illustrated in Fig. 9. Similar infrared spectral responses 
were obtained, indicating the similar compositions of the 
membrane foulants in sodium acetate and ethanol systems. 
There were peaks at 3,441; 2,930; 1,643; 1,415; 1,041; and 
869 cm–1 in all infrared spectrum profiles. More specifically, 
the peak at 3,414 cm–1 was related to the O–H stretching 
vibration in the hydroxyl groups. The slight absorption 
peak at 2,939 cm–1 was caused by the C–H expansion vibra-
tion in alkane organic matter and polysaccharide molecules. 
The intensive absorption bands at 1,651 and 1,415 cm–1 
confirmed the existence of the secondary protein structures. 
Also, an absorption peak could be seen at 1,041 cm–1, which 
was associated with the C–O–C stretching vibration of car-
bohydrate-like substances [41,42]. However, no absorption 
peaks were found in the fingerprint region. These results 
suggest that protein-like and carbohydrate-like substances 
were the main contributors to the membrane foulants.

4. Conclusion

The nitrate removal and membrane fouling behavior 
were impacted by the different types of carbon sources and 
variation in C/N ratios to varying degrees in the DNMBR. 
Comparatively, the sodium acetate system showed a bet-
ter overall nitrogen reduction, resulting from higher nitrate 
removal and less ammonia production. Furthermore, data 
suggest nitrite accumulation is minimized to achieve com-
plete denitrification. Better sludge filterability and a lower 
fouling rate were obtained in the sodium acetate system, in 
which SMPc>100 kDa was the main reason for the pore-block-
ing. For the ethanol system, the EPSp>100kDa fraction combined 
with smaller particles and accelerated cake layer formation. 
The current study presented a thorough evaluation of nitrogen 
removal performance and provided insights into membrane 
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fouling mechanisms using sodium acetate and ethanol as 
external electron donors, offering technical guidance for the 
optimal selection of a carbon source. Future research should 
be focused on the linkage between microbial community 
structure and metabolic production in the DNMBRs.
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