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a b s t r a c t
Heterogeneous catalysts for the oxidation of toxic compounds are extremely important for many 
applications including environmental remediation. Here, we assessed the ability of Ti-substituted 
magnetite, i.e., titanomagnetite (FeIII

(2–2x)FeII
(1+x)TixO4) to promote Fenton-like heterogeneous reactions. 

Two titanomagnetites with x values respectively equal to 0.25 (TM0.25) and 0.75 (TM0.75), as well as 
unsubstituted magnetite (M, x = 0) were tested for the degradation of phenol under different conditions. 
Kinetic assessments over 1 h reaction time showed that all the studied systems had the best performance 
at pH 3. This is the typical, optimal pH value of the Fenton reaction. Moreover, titanomagnetite-based 
systems were active at low loading and afforded the application of relatively low H2O2 doses. The 
titanomagnetites had lower ability than magnetite to induce phenol degradation at pH > 3. However, 
presumably because of the higher Fe(II) content, TM0.75 was less susceptible than M or TM0.25 to 
the loss in reactivity caused by air exposure. TM0.75 can thus be handled in ambient systems or 
O2-containing environments, which may be a key advantage from an application point of view.

Keywords:  Tertiary water treatment; Advanced oxidation processes; Dissolved Fe; Heterogeneous 
Fenton reaction; Hydrogen peroxide

1. Introduction

Water is one of the foundations of life, and the 
international community has included the access to safe 
water among the fundamental human rights (United Nations 
General Assembly, Resolution 64/292). However, because of 
the irregular distribution of water resources on our planet 
and their incorrect management, this right is often not war-
ranted. The protection of rivers, lakes and groundwater 
from pollution and a correct water use should have central 
importance in environmental policies, also to improve the 
resilience of human communities to global changes [1]. A 
major challenge is the reuse of sewage water to reduce the 
dependence on natural water sources. However, reuse has 

to face the occurrence in wastewater of some substances 
that are recalcitrant to traditional sewage treatment [2]. A 
possible way to achieve the elimination of recalcitrant (poorly 
biodegradable and highly stable) compounds consists in the 
so-called Advanced Oxidation Processes (AOPs) [3–6], which 
are a set of techniques based on the formation of strongly 
reactive transient species such as the hydroxyl radical, •OH 
[7]. In the framework of several AOPs •OH is produced 
under irradiation, often with the use of light-absorbing 
semiconductor metal oxides [4–7], but dark •OH generation 
is also extensively exploited [3]. Typically, the transient 
species used in AOPs have elevated oxidizing capacity (the 
•OH standard electrode potentials are E0•OH/OH− = 1.90 V 
vs. NHE, and E0•OH, H+/H2O = 2.73 V vs. NHE [8]) and are 
often able to promote total mineralization of pollutants, 
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i.e., their complete conversion into CO2, H2O and inorganic 
acids (HCl, HNO3, H2SO4). As an alternative the transient 
species may modify the pollutants structure highly enough 
to increase biodegradability, thereby enabling the appli-
cation after the AOP stage of more traditional techniques 
such as activated-sludge degradation [9–11]. The combina-
tion of AOPs with traditional biological treatments can in 
fact reduce the overall costs related to reagents and energy 
[12,13]. Among the different AOPs, the Fenton reaction is 
interesting because of its ease of operation and relatively low 
costs. In the classic view of Fenton processes, •OH and other 
oxidizing agents are produced upon reaction between Fe(II) 
and H2O2 (Reaction (1)) [14]:

Fe II H O  Fe III OH OH2( ) ( )+ → + + •
2

−  (1)

An excess of H2O2 over Fe(II) is usually employed, thus 
Fe(III) can be reduced back to Fe(II) and regenerate the active 
species for the decomposition of H2O2 (Reactions (2)–(4)) [14]:

Fe III H O Fe II  H HO2 2
+

2( ) ( )+ → + + •  (2)

Fe III HO Fe II H O2
+

2( ) ( )+ → + +•  (3)

Fe III O  Fe II O2 2( ) ( )+ → +•−  (4)

Fe II OH Fe III OH( ) ( )+ → +• −  (5)

H O OH HO OH2 2 2+ → +• • −  (6)

Because reactions (2)–(4) are slower than reaction (1), 
Fe(III) is usually the prevailing Fe species in solution at suf-
ficiently long reaction times. The optimal pH value for the 
Fenton reaction is often around 3 [15], which means that 
the pH of many wastewaters needs two corrections, the first 
before the Fenton treatment (to reach the optimal pH condi-
tions) and the second after treatment, before discharge into 
the receiving water body. The latter pH correction causes pre-
cipitation of amorphous ferric oxyhydroxides, which can be 
minimized (but not totally eliminated) by using a catalytic 
concentration of Fe(II), with a peroxide-to-iron concentra-
tion ratio in the order of 100–1,000 [14]. This latter approach 
extensively exploits reactions (2)–(4) to regenerate Fe(II), but 
it leaves an excess of potentially toxic H2O2 at the end of the 
treatment. H2O2 should thus be monitored and eliminated 
if needed, i.e., unless it is convenient to use H2O2 for water 
disinfection. Furthermore, Fe(II) and H2O2 react with •OH 
(Reactions (5) and (6)) in competition with the pollutant(s) to 
be eliminated [16,17], and the relevant processes have to be 
minimized by keeping the concentration values of H2O2 and 
Fe(II) low. In case of high pollutants concentrations requiring 
high doses of reagents, to limit the scavenging processes it is 
better to add the reagents multiple times instead of carrying 
out a single large addition [10].

While the above reactions occur at low pH values, under 
~neutral conditions one has additional processes that could 

compete with the production of •OH. In particular, there is 
formation of high-valence iron species (e.g., the ferryl ion 
FeO2+) that have lower oxidation potential than •OH, but may 
produce the same transformation intermediates as ·OH in the 
presence of easily oxidized compounds [14,18].

When using soluble Fe(II,III) salts as iron source, the sys-
tem initially contains dissolved Fe species and one thus speaks 
of homogeneous Fenton reaction. In contrast, in the heteroge-
neous Fenton processes the iron source is a water-suspended 
solid that can be easily recovered after treatment, in particu-
lar if it has magnetic properties [19–24]. In this work we used 
magnetite (M) and magnetite substituted with titanium (tita-
nomagnetite, TM0.25 and TM0.75) for heterogeneous Fenton 
experiments aimed at the degradation of phenol as model 
pollutant. Titanomagnetite alone (without H2O2) is active in 
the reduction of nitroaromatic compounds, and its reactivity 
is highly affected by the Fe(II)/Fe(III) ratio [25]. The amount 
of titanium in the titanomagnetite influences the Fe(II)/Fe(III) 
ratio in the lattice structure, because of the need of preserving 
the electroneutrality of the material after insertion of Ti(IV) 
in the crystalline structure. The Fe(II) content and magnetic 
properties of titanomagnetite suggest that it is a potentially 
useful heterogeneous catalyst in the Fenton reaction. Indeed, 
titanomagnetite has been shown to remove methylene blue 
[26] and tetrabromobisphenol A [27] from aqueous solutions. 
This work is the first study, to our knowledge, that compre-
hensively takes into account the effects of pH, substrate and 
H2O2 concentration, as well as of aging time on the Fenton 
reactivity of titanomagnetite, and compares it with that of 
magnetite. Moreover, the monitoring of the time evolution of 
H2O2, Fe(II) and Fe(III) in the process allowed for mechanistic 
inferences to be drawn.

Among the important reaction parameters to be 
optimized, the pH value plays a key role. The homogeneous 
Fenton process quickly loses efficiency when pH is raised 
above the optimum value of 3 [15], largely because of solu-
bility issues with Fe(III) species that undergo a progressively 
slower reduction to Fe(II) as the pH increases [14]. In the case 
of heterogeneous Fenton, the need to have Fe(III) in the dis-
solved form is less critical and one may have non-negligible 
reactivity at relatively high pH values [28]. In some cases 
the operational pH can be extended to higher values upon 
addition of Fe(III) chelating agents (e.g., oxalate, citrate and 
ethylenediamminotetraacetic acid, EDTA) [29,30], but it is 
important to check that the concentration of total dissolved 
Fe at the end of the process does not exceed the limits for 
wastewater discharge [28].

Phenol was here chosen as model pollutant, because it 
has been extensively used in previous works [28] so that it is 
possible to compare the Fenton performance of titanomagne-
tite with that of other heterogeneous systems such as, most 
notably, zero-valent iron (ZVI). Moreover, phenol is an actual 
pollutant emitted by oil refineries, coal gasification plants, 
and plants that produce metallurgical coke [31,32].

2. Experimental setup

2.1. Reagents and materials

Phenol (purity grade 99%), HClO4 (70% w/w), NaOH 
(≥90%), methanol (gradient grade), H2SO4 (96% w/w), 
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H3PO4 (85% w/w), Fe(NO3)3×9 H2O (99%), ampyrone 
(4-Amino-2,3-dimethyl-1-phenyl-3-pyrazol-5-one; reagent 
grade), NaH2PO4 (≥99.9%) and horseradish peroxidase 
were purchased from Sigma-Aldrich, KSCN (≥98%) and 
FeSO4×7 H2O (99.5%) from Merck, Na2HPO4 (≥98%) and 
1,10-phenanthroline (>99%) from Aldrich, H2O2 (30% w/v) 
from Applichem PanReac. These reagents were used as 
received, without further purification. The water used was 
of Milli-Q quality. 

The unsubstituted magnetite (Fe3O4, M) and 
titanium-substituted magnetites (Fe3-xTixO4; x = 0.25 and 
0.75 to give the acronyms TM0.25 and TM0.75, respec-
tively, with x as per the FeCl2:FeCl3:TiCl4 molar ratios 
used in the synthesis, vide infra) were synthesized 
applying the precipitation method described in Pearce 
et al. [33]. Briefly, a 0.3 mol L–1 HCl solution containing 
(1 + x) mol L–1 FeCl2 and (2 – 2x) mol L–1 FeCl3 was pre-
pared first, followed by a dropwise addition of x mol L–1 
TiCl4 in an anaerobic chamber (JACOMEX; N2-glovebox; 
O2(g) < 10 ppm) at room temperature. Then, this solution 
was introduced into an N2-sparged 25% w/v ammonium 
hydroxide (NH4OH) solution, with continuous stirring at 
1,400 rpm, leading to instantaneous precipitation of tita-
nomagnetite nanoparticles. The solids were washed three 
times with ultra-pure water purged with N2 for 4 h, and 
then centrifuged for 5 min at 4,000 rpm. The natural pH of 
the suspension was 8 < pH < 8.5. The materials M, TM0.25 
and TM0.75 were stored in the form of suspensions in 
de-oxygenated water under inert atmosphere, to limit the 
oxidation of the solid surface by dissolved oxygen, which 
could alter the reactivity toward the Fenton process.

2.2. Characterization of the investigated particles

To determine accurately the Fe(II)/Fe(III) ratio in both mag-
netite and titanomagnetites, an aliquot of each suspension was 
digested in N2-sparged 5 M HCl inside the glovebox overnight. 
The dissolved Fe(II) and Fe(III) concentrations were then mea-
sured with a modified phenanthroline method based on the 
addition (or lack of addition) of reducing agents to transform 
Fe(III) into Fe(II). By so doing, Fe(II) was determined directly 
without reducing agents, Fetot was determined in further runs 
upon addition of reducing agents, and Fe(III) was quantified 
as Fetot-Fe(II) [34]. The B.E.T. surface area determined by multi-
point N2 adsorption isotherm, using a Coulter (SA 3100) sur-
face area analyzer, is given for each solid in Table 1. 

Powder X-ray diffraction analysis (XRD; Bruker D8 
Advance diffractometer, monochromatized Cu Ka1 radia-
tion, l = 1.5406 Å) was carried out on dried samples covered 
with a drop of glycerol, to avoid air oxidation during the XRD 
run. The XRD patterns of magnetite and of titanomagnetites 
are reported in Fig. 1(a), indexed with the peaks of magnetite. 

  
(a)

 

    (b) 
Fig. 1. (a) Powder XRD patterns for the synthesized materials. The Miller indices of the characteristic peaks of magnetite are indicated. 
(b) TEM images for the synthesized magnetite (M) and the two titanomagnetites TM0.25 and TM0.75.

Table 1
Acronyms, formulas of materials (the general formula is 
Fe3-xTixO4, with the relevant x values also reported), Fe(II)/Fe(III) 
ratios and BET area

Acronym x Formula Fe(II)/Fe(III) BET surface 
area (m2 g–1)

M 0 Fe3O4 0.41 95
TM0.25 0.25 Fe2.75Ti0.25O4 0.80 118
TM0.75 0.75 Fe2.25Ti0.75O4 3.26 132
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Transmission electron microscopy images (Fig. 1(b)) 
revealed particle aggregates of around 15 nm diameter for M 
and TM0.25, but larger particles (up to ~50 nm diameter) in 
the case of TM0.75. Non-structural Ti(IV)/Fe(II) amorphous 
phase on the x = 0.75 nanoparticle surface could also be seen. 
This finding is in agreement with a previous study [33], 
where Ti was expected to be incorporated in magnetite only 
up to x = 0.38. The inhomogeneous distribution of particles, 
and the presence of a non-structural Ti(IV)/Fe(II) amorphous 
phase for x = 0.75, may explain why TM0.75 had larger par-
ticle diameter as well as larger surface area, compared with 
M and TM0.25.

2.3 Phenol degradation experiments

Phenol degradation experiments were carried out in 50 mL 
beakers containing a suspension of the heterogeneous cata-
lyst (M, TM0.25 or TM0.75), H2O2, and other reagents when 
needed. Unless otherwise specified and whenever applica-
ble, the concentration values in the reaction mixture were 
as follows: 0.1 g L−1 for M / TM0.25 / TM0.75, 1.0×10−4 M for 
phenol, 1.0×10−3 M for H2O2. The volume of the reaction mix-
ture was 30 mL. The experiments were carried out in aerated 
solution under magnetic stirring, correcting the pH values 
upon addition of HClO4 or NaOH. The choice of HClO4 was 
justified by the fact that the perchlorate anion does not react 
significantly with •OH [14]. In all the cases, the course of the 
reaction was monitored by withdrawing 2 mL sample aliquots 
from the reaction mixture at predetermined time intervals. 

To stop the Fenton reaction in the withdrawn aliquots, 
the solid catalyst was removed by filtration using Millipore 
Millex HV filters (0.45 µm pore diameter), and the filtered 
solution was then diluted with 1:1 methanol to quench the 
reactive species that could still be generated by dissolved Fe 
and H2O2 [28,35].

Phenol was quantified by liquid chromatography, using 
a HPLC-DAD VWR-Hitachi Elite LaChrom instrument 
equipped with L2455 diode array detector, L2130 quater-
nary pump module, L2300 column oven (set at 40°C), L2200 
autosampler (sample injection volume 60 µL), Duratec 
vacuum degasser and a reverse-phase column Merck 
LiChroCART, packed with LiChrospher 100 RP18 (125 mm × 
4 mm × 5 µm). The samples were eluted with a 60:40 mixture 
of an aqueous solution of H3PO4 (pH 2.8) and methanol, 
at 1.0 mL min−1 flow rate. In these conditions the retention 
time of phenol was 3.8 min, and the column dead time was 
1.2 min. The detection wavelength was set at 268 nm.

Homogeneous Fenton experiments were also carried 
out to assess the role in phenol degradation of dissolved Fe 
(leached from the heterogeneous catalysts and monitored 
over time, vide infra for dissolved Fe monitoring), using 
soluble iron salts (FeSO4×7 H2O and Fe(NO3)3×9 H2O). The 
concentration of the added iron salts was chosen to be rep-
resentative of the maximum levels of leached iron from M, 
TM0.25 and TM0.75, determined as described in the follow-
ing section.

2.4. Monitoring of dissolved Fe(II), Fe(III) and H2O2

The determination of dissolved (leached) iron [36] in the 
presence of M, TM0.25 and TM0.75, and of the amount of 

residual H2O2 in solution was carried out with colorimetric 
procedures. In these experiments methanol was not used as 
quencher to avoid analytical biases, and the analytical deter-
minations were done soon after sample-aliquot withdrawal 
[28]. The registration of the UV-Vis spectra was carried out 
with a Varian Cary 100 Scan double-beam UV-Vis spectro-
photometer, using Hellma quarz cuvettes with 1 cm optical 
path length. The monitoring of dissolved iron was aimed 
at the determination of the time trends of Fe(II) and Fe(III) 
leached from the particles, which may also be converted 
into one another by homogeneous-phase Fenton reactions. 
At scheduled reaction times, 7-mL sample aliquots were 
withdrawn from the reaction mixture that initially contained 
TM0.75, TM0.25 or M (0.1 g L−1 loading), phenol (1.0×10−4 M), 
H2O2 (1.0×10−3 M), and HClO4 for pH correction. The samples 
were filtered as mentioned above to remove the suspended 
particles.

For Fe(II) determination, a 5 mL aliquot of the filtered 
solution was introduced into a 10 mL flask that also con-
tained 1.82 mL of 0.011 M 1,10-phenanthroline (phen) in 
water, H2SO4 to reach pH 2, and water to volume. To ensure 
a complete reaction between Fe(II) and the phen com-
plexing agent, with formation of a complex called ferroin 
([Fe(phen)3]2+ [34,37]), the colored solutions were analyzed 
after 5 min from preparation. Ferroin has an absorption 
maximum at 510 nm, and the intensity of the color of the 
red-orange solution depends on the Fe(II) concentration. 
With this method, the Fe(II) limit of quantification (LoQ) 
was (5.3 ± 0.8)×10−8 M.

Fe(III) was quantified using the reaction with the thio-
cyanate ion (SCN-) that develops a red color in the presence 
of Fe(III), possibly because of the formation of the complex 
[Fe(SCN)6]3– [36,38]. In a 10 mL flask it was introduced a 
5 mL aliquot of the filtered solution, 1 mL of aqueous KSCN 
(5.14×10−3 M), H2SO4 to pH 2 and water to volume. After 
5 min the solution was spectrophotometrically analyzed 
at 457 nm, and with this method the LOQ of Fe(III) was 
(8.0 ± 2.6)×10−6 M.

The determination of H2O2 used the peroxidase- 
ampyrone method [28]. The color-forming reagent con-
tained 0.10 g of ampyrone, 0.234 g of phenol, 0.2201 g of 
Na2HPO4, 0.7112 g of NaH2PO4, and few crystals of horse-
radish peroxidase in 100 mL of ultra-pure water. In the 
presence of phenol, of H2O2 and of the enzyme, there is 
formation of a colored adduct (quinoneimine dye) between 
oxidized phenol and ampyrone, which can be detected at 
505 nm [39]. Operationally, in a 10-mL flask it was intro-
duced 2 mL of color-forming reagent, 1–5 mL of filtered 
solution, as well as water to volume. The volume of the 
filtered sample was chosen in order to carry out the spec-
trophotometric measure within the linearity range of the 
method (2.0×10−6−2.0×10−4 M H2O2 in the flask, correspond-
ing to 0.01–1.12 absorbance units at 505 nm) [28]. The LoQ 
of H2O2 with this method was (2.0 ± 0.6)×10−8 M.

2.5. Error bars on the plots

The error bars to the concentration values of phenol, 
Fe(II), Fe(III) and H2O2 reported on the plots represent the 
standard errors of experimental replicas.
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3. Results and discussion

3.1. Effect of pH

The optimum pH value is often around 3 for the homo-
geneous Fenton reaction. Fe(III) shows maximum solubility 
in acidic solutions and at pH 3 it mainly occurs in the form 
of FeOH2+, which undergoes relatively fast reduction to Fe(II) 
[14]. Furthermore, an acidic environment is able to maximize 
the •OH production at the expense of other less reactive spe-
cies, such as the ferryl ion FeO2+ [18]. Heterogeneous Fenton 
reactions often operate in a wider pH range than homoge-
neous Fenton [15,28]. Although, the decomposition rate 
of organic contaminants in heterogeneous systems is often 
slower than in the classic homogeneous Fenton reaction [40], 
in this work kinetic experiments were run over a time scale 
of only 60 min, because a reaction time of 20–30 min was usu-
ally long enough to achieve complete phenol degradation. 
Moreover, higher reaction times would be hardly applicable 
in real treatment plants.

Fig. 2 shows the time trend of phenol in the pH range of 
2–6, in the presence of TM0.75 (Fig. 2(a)), TM0.25 (Fig. 2(b)), 
or M (Fig. 2(c)). As expected, the optimum pH value for phe-
nol degradation was 3 and, in these conditions, complete 
degradation was achieved within one hour or even less. At 
pH 2 and 4 the process was significantly slower and it did 
not lead to complete phenol degradation, while at pH ≥ 5 it 
became ineffective. It is interesting to observe that the three 
materials showed comparable reactivity at pH 3. Here, rela-
tively fast phenol degradation could be achieved with a rel-
atively low loading of the solid Fe-containing material, and 
with an H2O2/substrate ratio of 10:1. These conditions appear 
as reasonably promising [10] for the Fenton reactivity of the 
investigated materials. Moreover, control experiments car-
ried out in the absence of H2O2 allowed us to exclude a signif-
icant adsorption of phenol on the suspended solids.

Unfortunately, operating at pH 3 could be problematic in 
the context of wastewater treatment because of the possible 
need to first acidify wastewater and then correct the pH 
back to neutrality. In addition to the significant costs of 
the pH-fixing reagents [41], wastewater salinity would be 
enhanced by the acidification/neutralization steps [14]. At 
acidic pH one might also have significant iron leaching from 
the particles [28], and the precipitation of dissolved iron 
upon neutralization would require a further sedimentation 
step. To avoid these drawbacks, it is convenient to extend the 
operational pH to higher values. 

The results shown in Fig. 2 suggest that only TM0.75 
and M induced significant (albeit not complete) phenol 
degradation at pH 4, while TM0.25 was not reactive at all at 
that pH value. An optimization of the reaction conditions at 
pH 4 was then carried out, to see if and to what extent the 
studied materials are able to achieve effective degradation of 
the substrate.

3.2. Effect of phenol and H2O2 concentration at pH 4

In the previous section it was shown that incomplete 
degradation of 0.1 mM phenol was obtained at pH 4. 
Operation with 10–4 M phenol is experimentally convenient 
and provides quick and easy insight into the reactivity of the 
studied materials. However, it is seldom representative of 

the conditions occurring in technological systems for water 
treatment, where the pollutant concentrations are usually 
much lower. Furthermore, one might imagine that the 
incomplete phenol removal observed in the case of M and 
TM0.75 could be caused by an excess of the substrate (phenol) 
over the Fenton reactants, and that complete removal may be 
obtained when starting from a lower phenol concentration 
value. Therefore, in further experiments the solid catalyst 
loading (0.1 g L–1) and the H2O2 concentration (10–3 M) 
were kept at the usual levels, but the initial concentration 
of phenol was lowered. The relevant results are reported in 
Fig. 3. These results further suggest that TM0.25 was inactive 
at pH 4 (Fig. 3(b)), but TM0.75 was also unable to induce sig-
nificant degradation of phenol at an initial concentration of 
the latter below 10–4 M (Fig. 3(a)). Actually, a low substrate 
concentration improves the stoichiometric oxidant/substrate 
ratio, but it can also slow down the reaction kinetics [14]. 
Furthermore, a more elevated [H2O2] [Phenol]–1 ratio would 

 

 

 

Fig. 2. Time trends of phenol (initial concentration 1.0×10−4 M) in 
the presence of H2O2 (1.0×10−3 M) and: (a) TM0.75, (b) TM0.25, or 
(c) M (all at 0.1 g L−1 loading), at different pH values.
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also shift in favor of H2O2 the competition between H2O2 and 
phenol for reaction with ·OH [14], thereby inhibiting phenol 
degradation. In contrast, the degradation of phenol in the 
presence of M improved as the phenol concentration was 
decreased (Fig. 3(c)). Because in the case of M there might be 
as well an unfavorable effect of an elevated [H2O2] [Phenol]–1 
ratio, additional experiments were carried out by lowering 
the initial [H2O2] value (see Fig. 4). The degradation of phe-
nol by M improved at lower H2O2 (comparable experiments 
with TM0.75 and TM0.25 did not improve degradation, how-
ever, data not shown), and practically complete removal of 
2.5 µM phenol could be achieved in 40 min with 50 µM H2O2 
and 0.1 g L–1 M at pH 4. These results suggest that, in the 
case of M, the Fenton reactivity may be extended up to pH 
4. The latter conditions could entail a considerable saving of 
pH-fixing reagents over operation at pH 3.

3.3. Time trends of H2O2 and of dissolved Fe(II) and Fe(III)

The rationale behind the spectrophotometric monitoring 
of H2O2, Fe(II) and Fe(III) in solution is manifold. The first 
reason is that the Fenton reaction may be triggered by H2O2 
and by the iron species located at the solid surface (it is the 
case of metallic Fe [28]) or, as an alternative, by the partial 
dissolution of the Fe-containing mineral to yield dissolved 
Fe(II)/Fe(III) that then react with H2O2 [30]. Obviously, the 
importance of the reaction pathway involving the dissolved 
species increases as the concentration of such species in solu-
tion is higher. Another reason for monitoring dissolved Fe(II) 

and Fe(III) is linked to the Fe leaching from the solid cata-
lyst. Actually, total dissolved Fe at the end of the treatment 
may exceed the limits for wastewater discharge (in several 
countries there is a total dissolved Fe limit in wastewater of 
1 mg L–1, which corresponds to ~2×10-5 M [28]), in which case 
a further Fe precipitation step should be added (however, 
Fe(III) precipitation would take place anyway after neutral-
ization, which is needed if the reaction is carried out under 
acidic conditions). An additional issue is that the occurrence 

Fig. 3. Time trends of phenol at different initial concentration values (Co) in the presence of H2O2 (1.0×10−3 M) and (a) TM0.75, 
(b) TM0.25, or (c) M (all 0.1 g L−1), at pH 4.

Fig. 4. Time trends of phenol (initial concentration 2.5×10−6 M) in 
the presence of M (0.1 g L−1) and different initial concentrations 
of H2O2 at pH 4.
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of H2O2 can influence the speciation of dissolved Fe, because 
H2O2 is mainly involved in the oxidation of Fe(II) to Fe(III) 
[25]. Finally, the toxicity of H2O2 for bacteria may pose prob-
lems if the Fenton reaction is to be followed by a biological 
treatment step, but H2O2 could even be useful for disinfection 
purposes if, on the contrary, the Fenton process takes place 
soon before wastewater discharge [42]. 

The time trends of Fe(II), Fe(III) and H2O2 in the 
presence of TM0.75, TM0.25 and M are reported in Figs. 5–7, 
respectively. In particular, the trends were monitored at pH 3 
(results reported in Figs. 5(a), 6(a), 7(a)) and at pH 4 (results 
in Figs. 5(b), 6(b), 7(b)). As expected, the concentration values 

of Fe(II,III) were higher at pH 3, where the iron species are 
more soluble than at pH 4 [43]. Note that the stock catalysts 
(M, TM0.25 and TM0.75) were stored as aqueous suspensions 
(without pH-modifying reagents) under inert N2 atmosphere: 
Fe species had thus time to leach from the solid, and it is thus 
not surprising to find dissolved iron at the beginning of the 
reaction.

At pH 3, where all the three materials behaved similarly 
toward phenol degradation, the concentration values of dis-
solved Fe(II,III) were also similar in the different cases. In 
contrast, at pH 4 the dissolved Fe concentration followed 
the order TM0.75 > M >> TM0.25. Interestingly, TM0.25 was 

Fig. 6. Time trends of H2O2 (right y-axis, initial concentration 1.0×10−3 M) and of dissolved Fe(II) and Fe(III) (left y-axis) upon 
degradation of phenol (1.0×10−4 M) in the presence of TM0.25 (0.1 g L−1) and H2O2, at (a) pH 3 and (b) pH 4.

Fig. 5. Time trends of H2O2 (right y-axis, initial concentration 1.0×10−3 M) and of dissolved Fe(II) and Fe(III) (left y-axis) upon 
degradation of phenol (1.0×10−4 M) in the presence of TM0.75 (0.1 g L−1) and H2O2, at (a) pH 3 and (b) pH 4.

Fig. 7. Time trends of H2O2 (right y-axis, initial concentration 1.0×10−3 M) and of dissolved Fe(II) and Fe(III) (left y-axis) upon 
degradation of phenol (1.0×10−4 M) in the presence of M (0.1 g L−1) and H2O2, at (a) pH 3 and (b) pH 4.
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inactive at pH 4 and it leached no Fe: this finding suggests 
that the Fenton process might involve at least in part the dis-
solved Fe species. Total dissolved Fe (Fe(II)+Fe(III)) at the end 
of the reaction was above the 1 mg L–1 (2×10-5 M) limit at pH 
3 but not at pH 4, at least after 1 h reaction time. Operation at 
the higher pH value would avoid issues related to Fe concen-
tration in discharged wastewater, but Fe precipitation could 
still occur upon treated-wastewater neutralization.

The time trends at pH 3 showed an initial Fe(III) increase, 
and a decrease in both Fe(II) and H2O2, which is fully consis-
tent with the reaction (1) between Fe(II) and H2O2 to produce 
the Fenton reactive species. The decrease of Fe(III) after the 
concentration maximum is probably caused by the incorpo-
ration of this species into the surface layer of the suspended 
solid [12]. In the case of TM0.25 at pH 4, the lack of H2O2 
decay and the very low Fe(II) leaching are consistent with 
the absence of reactivity toward phenol, while both H2O2 and 
Fe(II) decay were observed in the most reactive system (M). 
A decrease in Fe(III) concentration, continuous (M, TM0.25) 
or only at long reaction times (TM0.75) could be observed at 
pH 4 as well. This finding is again consistent with an ability 
of the suspended solids to capture dissolved Fe(III) species.

3.4. Homogeneous Fenton processes

As suggested earlier, the leaching of iron from the surface 
of the catalysts can trigger the homogeneous Fenton reaction 
in solution. To assess whether the homogeneous processes 
are important in the presence of M, TM0.25 and TM0.75, con-
trol experiments were carried out in the homogeneous phase 
by using dissolved FeSO4 and Fe(NO3)3, in the presence of 
H2O2. The goal was to have initial concentration levels of 
dissolved Fe(II) or Fe(III) in the homogeneous-phase exper-
iments, which were equal to the maximum values detected 
for the two dissolved species leached from each catalyst in 
the heterogeneous experiments at pH 3 and 4 (see the rele-
vant data in Figs. 5–7). The degradation of 10–4 M phenol in 
the presence of 10–3 M H2O2, and of dissolved Fe(II) or Fe(III) 
concentrations as per the previous discussion is reported 
in Fig. 8, together with the phenol trends observed for the 
degradation in the presence of TM0.75 (8(a)), TM 0.25 (8(b)) 
and M (8(c)), at both pH 3 and 4. The results derived from 
the comparison suggest for instance that phenol degradation 
by TM0.75 at pH 3 was largely due to homogeneous pro-
cesses, which played important roles also in the other cases. 

Fig. 8. Time trends of phenol (1.0×10−4 M), (a) in the presence of TM0.75 (0.1 g L–1), or in the homogeneous phase with the maximum 
concentrations of Fe(II) (2.6×10−5 M at pH 3, 6.9×10−6 M at pH 4) and Fe(III) (1.4×10−4 M at pH 3, 2.2×10−5 M at pH 4) leached from 0.1 g L–1 
TM0.75, at pH 3 and 4; (b) In the presence of TM0.25 (0.1 g L–1), or in the homogeneous phase with the maximum concentrations of 
Fe(II) (1.2×10−5 M at pH 3, 2×10−7 M at pH 4) and Fe(III) (1.6×10−4 M at pH 3, 1.7×10−5 M at pH 4) leached from 0.1 g L–1 TM0.25, at pH 3 
and 4; (c) In the presence of M (0.1 g L–1), or in the homogeneous phase with the maximum concentrations of Fe(II) (1.8×10−5 M at pH 3, 
5×10−6 M at pH 4) and Fe(III) (1.8×10−4 M at pH 3, 1.0×10−5 M at pH 4) leached from 0.1 g L–1 M, at pH 3 and 4. The data points of the 
experiments at pH 3 are in red with dashed connecting lines, those at pH 4 in blue with dotted connecting lines. Symbols represent: 
(l) TM0.75, TM0.25 or M; (n) Fe(II), and (▲) Fe(III).
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Moreover, dissolved Fe(II) was usually more reactive than 
dissolved Fe(III), as is expected from a Fenton process where 
the reaction between Fe(II) and H2O2 is much faster than that 
between Fe(III) and H2O2 [14].

3.5. Effect of aging time 

The Fenton reactivity of magnetite (and of related mate-
rials such as the titanomagnetites) is linked to the occurrence 
of Fe(II) species at the oxide surface [15,44]. Because atmo-
spheric oxygen is able to oxidize Fe(II) to Fe(III), air-exposed 
magnetite is expected to be inactive in dark conditions, as 
previously reported [15]. For this reason, the samples stud-
ied in this work were stored under N2 atmosphere. However, 
practical applications in water treatment necessarily require a 
contact between the solid materials and either air or air-equil-
ibrated aqueous solutions. It is thus important to assess the 
degree by which the Fenton reactivity of TM0.75, TM0.25 
and M is decreased by atmospheric contact. To this purpose, 
30-mL aliquots of the stock suspensions were transferred 
under atmospheric conditions to vials provided with caps in 
which a small hole was drilled. These vials were left in con-
tact with air for a scheduled aging time of up to a couple of 
weeks. The rationale for using drilled caps was to allow for 
contact with air, and at the same time to minimize contact 
with solid airborne contaminants. After the aging time, each 
relevant stock suspension was used as a source of TM0.75, 
TM0.25 or M in Fenton degradation experiments with phenol 

(1.0 × 10–4 M) at pH 3. The results are reported in Fig. 9, show-
ing that all the tested materials underwent some degree of 
reactivity loss upon aging. 

In the case of TM0.75 the degradation of phenol became 
slower with increasing aging time, but complete phenol 
degradation could still be achieved after 1 h reaction time, 
irrespective of the aging. In contrast, M and TM0.25 suffered 
more from aging in air, and their ability to degrade phenol 
was considerably hampered. 

It is also interesting to compare the degradation of phenol 
by the three materials at zero aging time with that reported 
in Fig. 2 for pH 3, in which fresh stock suspensions were also 
used. The conditions were exactly the same in the two cases, 
except that the experiments of Fig. 9 were carried out after 
some months in which the stock suspensions had been stored 
under N2 atmosphere (in which case, one cannot exclude some 
degree of surface oxidation caused by O2 traces). One can see 
that TM0.75 retained its reactivity, while some reactivity loss 
was observed with TM0.25 and M. Because of the higher initial 
Fe(II) content in TM0.75 compared with the other materials 
(see Table 1 and Fig. 5), TM0.75 would still have enough Fe(II) 
to induce phenol degradation even after air exposure. This 
issue might explain the better behavior of air-aged TM0.75, 
compared with M and TM0.25 that underwent the same 
treatment. The occurrence of sufficiently elevated amounts 
of reduced Fe species seems to be important in the preserva-
tion of the Fenton reactivity upon air exposure, as previously 
reported in the case of zero-valent iron [28].

Fig. 9. Time trends of phenol (1.0×10−4 M) at pH 3, in the presence of H2O2 (1.0×10−3 M) and (a) TM0.75, (b) TM0.25 and (c) M (all at 
0.1 g L−1) at different aging times (the aging times in days are reported near each degradation curve).
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4. Conclusions

The studied titanomagnetites (TM0.75 and TM0.25) 
showed significant Fenton reactivity in the dark toward 
the degradation of phenol. All the investigated materials 
(TM0.75, TM0.25 as well as M, the reference magnetite) were 
active in acidic solution and showed an optimum pH of 3, 
which is typical of the Fenton reaction. Phenol degradation 
became slower and incomplete at pH 4, and only in the case 
of M it was possible to find conditions of substrate and H2O2 
concentration that allowed for complete degradation at pH 4. 
In contrast, it was not possible to achieve complete phenol 
degradation at pH 4 in the presence of TM0.75 or TM0.25. 
However, phenol degradation at pH 3 (and at pH 4 in the 
case of M) could be achieved at low catalyst loading and low 
H2O2 concentration, which allows for the reaction to be car-
ried out under mild conditions.

Fe leaching was higher at pH 3 than at pH 4, and in both 
cases the dissolved Fe species played a significant role in 
the Fenton process. For actual operation at both pH values 
one would need a neutralization procedure after treatment, 
which would cause Fe precipitation and require a further sed-
imentation step. However, precipitation would at the same 
time lower the dissolved Fe concentration in the discharged 
wastewater. In view of potential applications, Fe occurrence 
and precipitation could be a problem in the case of the ter-
tiary treatment of urban wastewater because of the need of an 
additional step before eventual discharge, but it could even 
become an advantage with some industrial wastes where Fe 
addition is required to induce coagulation phenomena [45].

Hydrogen peroxide was only partially consumed in the 
reaction. Depending on the type of wastewater to be treated, 
this could be either a drawback due to the H2O2 toxicity to 
bacteria (causing potential problems to a possible biological 
treatment step after the Fenton one), or even an advantage 
because of the H2O2 disinfecting capabilities. As far as stability 
upon contact with air is concerned, TM0.75 was the studied 
material that best retained the Fenton reactivity. A possible 
explanation is that TM0.75 has higher Fe(II) content compared 
with TM0.25 and M. This fact is potentially important in the 
application field, because it would decrease the requirements 
for storage under inert atmosphere. Considering that TM0.75 
is only active at pH 3, where it leaches significant amounts 
of iron, its use might be of some interest for the treatment of 
industrial wastewaters that are already acidic, and that require 
a coagulation step for colloid removal. In this case one could 
exploit the low operational pH of TM0.75, while Fe sedimenta-
tion after the neutralization step would become an advantage.
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